ABSTRACT: The size, density and biomass of coral reef fish in 4 fully closed marine protected areas (MPAs) with different ages were studied over a 17 yr period. Space-for-time substitution samples were available for a period of 4 yr before, and 36 yr after the closure. Both the height of the size structure graph (which is a value of overall abundance-biomass) and the assemblage biomass graph are convex polynomials with a maximum biomass of 1200 kg ha -1 at 22 yr. This suggests that full recovery of coral reef fish assemblages in terms of abundance-biomass is considerably longer than generally believed. Beyond 25 yr, there can be a small loss in biomass, which we suggest is due to reduced net primary production associated with the increased abundance of calcifying algae attributable to intense grazing. Size spectra slopes were variable at all times, changed quickly, and were probably influenced by local environmental conditions, which made concise predictions for equilibrium coral reef size structure rather difficult.
INTRODUCTION
Fish recovery from fishing has implications for the design of closed areas and determining the equilibrium abundance and structure of exploited species, which can help with conservation and harvesting models and decisions (Russ & Alcala 2004) . A recent metaanalysis of 112 closed areas suggested that the effects of fisheries closures on fisheries target groups are rapid, on the scale of a few years (Halpern & Warner 2002) . There are, however, time-dependent processes in ecosystems that operate and interact on many scales, and theory suggests that only some processes will be rapid (Levin 2000 , Allen & Holling 2002 , McClanahan et al. 2002 . The few site-specific studies of recovery of harvested fish in coral reefs indicate that full recovery of fish populations may be considerably more than a few years (McClanahan & Kaunda-Arara 1996 , McClanahan 2000 , Russ & Alcala 2004 . Until more moderate to long-term time series studies are completed and the scale of various recovery processes are uncovered, the aforementioned predictions for the recovery rates of closed-area management will remain simple and unresolved.
Because many ecological processes vary over considerable timescales and because human influences are widespread, there is a need for concerted efforts to collect data at multiple scales in areas with minimum human influences, in order to establish baselines for understanding human influences (Pauly et al. 1998) . This is of particular concern for marine ecosystems, given that marine protected areas (MPAs) are a modern conservation phenomenon (Kelleher et al. 1995) , and that most studies of MPAs, apart from meta-analyses (Mosquera et al. 2000 , Cote et al. 2001 , Halpern 2003 , are based on only one or a few closed areas often at one point in time and measured effects are sensitive to the control or reference sites used for comparison of effectiveness (Willis et al. 2003 , Sale et al. 2005 . There is a need to use methods such as meta-analysis and patching together time series using space-for-time substitutions to create chronose-quences with different initial starting points of management in order to test for general patterns that are not site-or timerestricted.
With increasing calls for ecosystem approaches to fisheries management (Link 2002 , Browman & Stergiou 2004 , Pikitch et al. 2004 , the use of aggregated techniques (such as size-based approaches to analyze assemblage data) are becoming more common . As maximum size is correlated with many other life-history traits, resulting in larger fish being more vulnerable to exploitation (Jennings et al. 1999 , Denny et al. 2002 and because larger fish are generally targeted before smaller fish (Pauly et al. 1998) , size is proving to be a useful way to assess multispecies fisheries (Bianchi et al. 2000 , Dulvy et al. 2004 , Graham et al. 2005 . Increasing evidence of species-level (Watson and Ormond 1994, Graham et al. 2003 ) and aggregated size-based (Dulvy et al. 2004 ) indirect interactions within coral reef fish assemblages further suggest that recovery trajectories in these ecosystems should be assessed at the assemblage level.
This study examines the size structure and biomass of coral reef fishes in Kenyan coral reefs by examining 4 fully closed MPAs that vary in their time of establishment (from 1968 to 1991) with data that are available from 4 yr prior to and 36 yr after closed-area management (see Table 1 ). The study sites were examined between 1987 and 2004, and repeatedly sampled so that a 40 yr chronosequence of management can be patched together from this sampling and differences in the starting dates for closed-area management. Here, we focus on the recovery of biomass and size structure of the total fish population as a function of the age of the closedarea protection to determine if there are consistent and general patterns and equilibrium levels for each of these factors.
MATERIALS AND METHODS
Study sites. The fully protected study areas lie along a 180 km stretch of southern Kenya (Fig. 1) . They vary in size from around 6 to 28 km 2 and were legally gazetted between 1968 and 1988; Malindi and Watamu in 1968 , Kisite in 1973 , and Mombasa in 1988 , and much of the remaining area is sandy bottom (T. R. McClanahan pers. obs.). The Kisite site was sampled for fish twice and benthic cover 5 times during the study period, and therefore the fish data were not used in site-specific analyses but only when compiling chronosequences. All sites are similar shallow leeward or back reef areas (< 2 m at low tide) that are dominated by living and dead coral that is colonized by various forms of algae (Table 1) .
Fish and benthic field sampling. Fish communities were quantified using 2 to 5 replicate 5 × 100 m belt transects per site (McClanahan 1994 , McClanahan & Kaunda-Arara 1996 . Wet-weight estimates were made by classifying each individual encountered in transects to the family, estimating its length, and placing it into 10 cm size-class intervals, up to 40 cm and with no individuals < 3 cm in length recorded. Data were collected and placed in 11 taxonomic categories and 1 group of 'others' or all other fish (McClanahan 1994) . Small and cryptic taxa such as blennies, tobies, and gobies were sampled but probably underestimated (Ackerman & Bellwood 2004) . For the purpose of this study, we pooled all groups and analyzed the pooled data. Wet weights per family were estimated from length-weight correlations established from measurements of the common species in each family taken at local fish landing sites in Kenya (McClanahan & KaundaArara 1996) . This method is not accurate for the small and cryptic species but obtains reasonable estimates of fish wet weights because the larger and more exposed species make up the largest fraction of the total fish weight. The estimate of biomass removes the 3 to 10 cm size class, which is small, assumed to be under-sampled, and also not a part of the fisheries targets.
Attached benthic communities were described by the line-intercept method using 9 to 27 10-m line transects at each site per year. Cover of benthic biota under the line > 3 cm in length was classified into 9 gross substratum categories (hard coral, soft coral, algal turf, coralline algae, calcareous algae, fleshy algae, seagrass, sand, and sponge) and their lengths were measured to the nearest centimeter (McClanahan & Shafir 1990) . Cover of the functional groups was calculated as numbers of centimeters per meter of line transect, and in this study we sum the 2 calcifying algal groups (green and red calcareous or coralline algae) and divide by the sum of the turf and frondose algae. This cover ratio gives a measure of the ratio of calcifying and non-calcifying algae, which is expected to be a gross measure of net production on these reefs (Steneck & Dethier 1994) .
Data analyses. Fish data were principally analyzed at the aggregated level using size-spectra analysis. This technique describes the size composition of communities by studying the relationship between abundance by body-size class and body size of the aggregated assemblage regardless of taxonomy (Kerr & Dickie 2001) . Individual fish censused were allocated to body-length class groupings from 10 to > 40 cm. Slopes of the size spectra were calculated from linear regressions of log 10 (x + 1) numbers per size class on the rescaled log 10 mid-point of each length class. This centering of the independent variable gives a value for mid-point height as opposed to the intercept, thus removing the correlation between slope and intercept (Daan et al. 2003) . Mid-point height is an index of the assemblage abundance-biomass . The significance of both slope and height for each of the 3 most sampled MPAs was tested using linear regression individually, to test the site-level structure of the data, and a second-order polynomial trend was fitted to the height data. The significance of trends in size-class data for the 3 most sampled MPAs, Malindi, Watamu, and Mombasa, was tested separately, with linear regression by each size class for each management area. Aggregated biomass data (>10 cm) for all fish surveyed was also independently analyzed with linear regression for each of the MPAs. Trends in the ratio of calcifying and non-calcifying algae were analyzed as a function of the age of the protected area using a GLM ANCOVA procedure with years of protection as a covariate. However, due to an interaction between years of protection and site, due to not enough overlap in the age of the MPAs, statistics across all parks combined could not be used. We therefore analyzed the 3 most sampled MPAs separately using linear regression and present the data on the same plot as a means to visualize the overall pattern.
RESULTS
Size-spectra slopes for all size classes were quite variable (ranging from -0.35 to -0.78) at all sites and times and were not statistically significant for regressions with time (Malindi F 1,10 = 2.06, Watamu F 1,10 = 0.27, Mombasa F 1,11 = 1.59; Fig. 2a ). There are often rapid changes from year to year that create high variability and mask any potential trends with time. The size-spectra slope rises in the youngest marine park, Mombasa, however the trend was only statistically significant when examining the density of the different size classes (Fig. 3) . In Mombasa, the densities rise over time significantly for the 20 to 30 and 30 to 40 sizeclass intervals. Individual size classes are more stable in Watamu and Malindi, with the exception that the 10 to 20 cm size class declined over time in Malindi.
The height (or y-intercepts) of the size spectra equations and the biomass estimates for all sites and times combined indicate a hump-shaped relationship with time with maximum height and biomass between 21 and 22 yr (Fig. 2b,c) . When analyzed for each site separately, the relationship between height and time is, however, only significant for Mombasa (F 1,11 = 12.9, p < 0.01), and weakly negative for Malindi (F 1,10 = 3.54, p = 0.09) and no relationship for Watamu (F 1,10 = 0.09). Similarly, biomass increases significantly for Mombasa (F 1,11 = 11.7, p < 0.01) but does not change with time for Malindi (F 1,10 = 2.44, p = 0.15) or Watamu (F 1,10 = 1.88, p = 0.20).
Benthic cover data suggests a rising trend in the ratio of calcifying to non-calcifying algae as a function of the age of the protected area (Fig. 4) . The rise in Mombasa in the first 13 yr of protection increases linearly (F 1,12 = 34.4, p < 0.0001), but above around 20 yr, the data are variable and site dependent (Malindi F 1,12 = 4.23, p < 0.06, Watamu F 1,12 = 3.65, p < 0.08) with Malindi having the highest ratio. Nonetheless, an exponential fit to the data for all sites combined is strong (r 2 = 0.72).
DISCUSSION
This study indicates that it takes a considerable time (just over 20 yr) for coral reef fish to recover their full biomass in Kenya. This finding is similar to the only other moderate-term studies of fish recovery in coral reefs (McClanahan 2000 , Russ & Alcala 2004 ). Russ & Alcala (2004) reported that large predatory fish were still recovering after 9 and 18 yr of protection in 2 studied marine parks in the Philippines. By fitting their data to a logistic model of fish population growth, they estimated that the time to full recovery was 15 and 40 yr for the 2 closed areas, which is in the range predicted for the recovery of the red-lined triggerfish, an important keystone predator on Kenyan coral reefs (McClanahan 2000) . Consequently, both studies suggest that >15 yr is required to recover fish biomass, which is considerably longer than the 1 to 3 yr suggested by a meta-analysis of 112 closed areas (Halpern & Warner 2003) . We agree with Russ & Alcala (2004) that the meta-analysis method does not coincide with the theoretical expectations of these time-dependent processes and is sensitive to differences in the selection of sites and the history and effectiveness of their management. Although Halpern & Warner (2003) suggest that recovery times in reserves are within a few years, their study indicates that time was not a statistically significant factor, which is biologically unrealistic unless rapid immigration into recently closed areas is the dominant process of recovery. We therefore suggest that there are some systematic problems with the choice of study sites, controls, and estimates of periods of protection. Full recovery is likely to be dictated by periodic recruitment patterns, growth, and longevities of the fish. Longevities of the large predators in coral reefs are often in the range of 15 to 45 yr (Choat & Robertson 2000 , Newman et al. 2000 , Kamukuru et al. 2005 . The combined findings of these recovery studies suggest that closed areas need to be maintained for at least 2 decades before the fish fauna approaches the full size and biomass.
Our data did not, however, indicate that there was an equilibrium biomass for the coral reef fish fauna. Although the maximum biomass was ~1200 kg ha -1 at ~20 yr, it would appear that beyond 20 yr there was a small decline in biomass. The 1200 kg estimate is reasonable based on energy-based modeling studies (McClanahan 1992 (McClanahan , 1995 , but it is more surprising that there was a decline after 20 yr. This decline might simply be due to sitespecific patterns and an artifact of the low overlap between sites over time, but if not an artifact, it could be attributable to slow recovery processes, and explanations might include changes in benthic cover and net production (Fig. 4) , density or biomass-dependent emigration of fish from older parks (Rodwell et al. 2003) , and recovery of higher trophic levels and reduced biomass of their lower trophic level prey (Graham et al. 2003) . We present changes in the ratio of calcifying to non-calcifying algae as a possible explanation because as this ratio increases it is expected to reduce net benthic production (Steneck & Dethier 1994) and have sub- (McClanahan 1992) . Malindi, the site with the highest calcifying to non-calcifying ratio, was also the site with the largest declines in fish biomass. Despite this indirect evidence, we also recognize that this is only 1 possible explanation, and the presented pattern is correlative rather than causative, and the alternative suggestions mentioned above are among factors that may have contributed to this pattern. It does, however, suggest that other ecological processes in recovering coral reefs are also slow and on the scale of decades and possibly caused by the recovery of fish biomass. It is expected that grazing pressure will increase with increased recovery, and this is expected to improve conditions for calcifying algae (Steneck & Dethier 1994) . Although perhaps surprising for coral reefs, this may be analogous to reported declines in forest production and biomass in old forests due to reduced availability of soil phosphorus (Wardle et al. 2004) . Biomass estimates in the fished areas along the coast for the same habitat demonstrate no positive trends through time, and the mean value is below 150 kg ha -1 in all areas sampled. The biomass of 150 kg ha -1 is close to the biomass of Mombasa marine park prior to enforcement, and indicates that the observed trends are a result of protection from fishing, and not other environmental, biological, or fishing pressure factors. Although we acknowledge that there may be some variation in response to protection between the 4 MPAs, they are all controlled by the same management practice, have similar habitat and benthic cover, and are geographically in close proximity (Table 1) .
The size spectra of fish may be a useful way to judge the intensity of and recovery from fishing (Dulvy et al. 2004 , Graham et al. 2005 if some theoretical, such as the energetic equivalence rule (Damuth 1981) , or frequently observed equilibrium spectra are found for coral reef fishes. Ackerman et al. (2004) found evidence for a close match between the theoretically expected slope of -0.75 for body size and abundance for the largest size classes of fish in their study at Orpheus Island, Australia, but poorer fit when including the smaller fishes with slopes ranging from -0.32 to -0.86. Their one-time study indicates that the slope depends on the choice of the studied size classes used in the field or analyses, and our temporally replicated study suggests that even when size classes are fixed the slope does change over time, sometimes quite quickly. Based on studies of fishing pressure in Fiji, spectral slopes are expected to become steeper with increasing fishing pressure (Dulvy et al. 2004 , Graham et al. 2005 ) and would therefore be expected to become less steep after relaxation of fishing pressure. We did find a weak positive rise in the slope in the youngest park over time, associated with increases in the 2 largest size classes, but it was also quite variable and did not converge on an expected equilibrium. The scatter in the older parks was large and not useful in identifying an equilibrium slope. High variation in spectral slope data from all studies combined suggests that there is little evidence for an equilibrium size spectral slope for coral reef fishes at this location and habitat. Consequently, it is more likely that other ecological factors are influencing coral reef fish sizes, and identifying the many other possible causes will require additional research.
In accordance with the results here, significant trends in abundance-biomass (height) were also found with changes in fishing pressure in Fiji (Dulvy et al. 2004 , Graham et al. 2005 . However, in contrast to the results in Fiji, where a gradient of fishing intensity was associated with indirect responses in the smallest size classes (Dulvy et al. 2004) , only the Malindi data suggested a decline of smaller size classes with increasing time since fishing closure. Further use of size spectra analysis across gradients of fishing pressure or through time will improve understanding of the size-based implications of fishing and difference in management regimes on coral reefs. The concurrent trends in aggregated biomass in this study suggest reliable measurements of the effects of and recovery from fishing. Given that biological overfishing occurs when the stock falls below half of the pristine biomass (Clark 1985) , the value 1200 kg ha -1 (for fish >10 cm) provides a good basis for estimating the condition and providing targets for fish biomass on fished reefs in this region. It should be appreciated that this pristine biomass is expect to differ on reefs in different regions, with depths and benthic cover, and should be extrapolated to other reefs with caution. For example, the lowest or 'unfished' areas from the Fiji and Seychelles studies suggest fish biomass ranging between 500 and 1000 kg ha -1 (Jennings et al. 1995 , Jennings & Polunin 1997 , Dulvy et al. 2004 , which may be due to regional, habitat, and productivity differences, or reefs that are lightly fished, or have not recovered from previous fishing.
Given that most coral reef closed areas are recent and not well managed (Kelleher et al. 1995) , and that for the purposes of ecosystem management, there is a need to determine equilibrium states of reef fishes and ecosystems for comparison with exploited ecosystems, it behooves nations with coral reef fisheries to have multiple, fully closed areas that are permanently and properly enforced for many decades. The time for recovery is significantly long, and unless permanently closed areas are part of a fisheries-management program, there is little basis on which to judge the condition of reefs and fisheries with reefs undisturbed by fishing (Pauly et al. 1998) . Light or restricted fishing, lax enforcement of closure, and rotational or periodic harvesting are all likely to set back the recovery of the ecosystems (Russ & Alcala 1998 , McClanahan & Mangi 2000 . Periodic harvesting may be a useful form of fisheries management but it should not replace (but, rather, be used together with) permanently closedarea management.
